Purpose The bonding of copper (Cu) in soil is important for bioavailability of Cu and toxicity towards plants and animals. The hypothesis of the present study is that variations in molecular Cu bonding can explain previously reported variations in soil ecotoxicity along a Cu contamination gradient when parent material and mineralogy are similar. The specific aim is to understand molecular bonding at the different levels of bioavailability, and compare this with results from a sequential extraction. Materials and methods The studied field samples were retrieved from an anthropogenic contaminated site (Hygum, Denmark) dated to the 1920s. This fallow field shows a steep Cu gradient within a confined area where other soil forming factors are constant. Five surface soil samples (0-15 cm) with Cu levels ranging from background (25 mg Cu kg −1 ) to strongly contaminated levels (3920 mg Cu kg
Introduction
Copper contamination is a persistent problem worldwide, and Cu contamination in soils is often heterogeneous. There is a clear correlation between Cu concentration and its Responsible editor: Kirk T. Semple Electronic supplementary material The online version of this article (doi:10.1007/s11368-015-1109-3) contains supplementary material, which is available to authorized users. bioavailability in soil (e.g., Strandberg et al. 2006) , which could indicate that the concentration of Cu in soil influences its bulk speciation and thus ecotoxicology. Previous studies accordingly show that Cu in soil binds strongly to clay minerals, iron and manganese oxides, and organic material (Oorts 2010) . The general picture in soils is that Cu found as Cu(II) associates predominantly to natural organic matter (NOM) and/or associations between NOM and inorganic phases, and less to Fe oxides. In adsorption/desorption studies, it has been found that Cu binds to the inorganic fraction of the soil via clays, such as montmorillonite, kaolinite (Sen Gupta and Bhattacharyya 2011) , and illite (Evangelou and Marsi 2002) , carbonates, ashes (Sen Gupta and Bhattacharyya 2011) , and Fe oxyhydroxides (Wang et al. 2009 ). However, Lair et al. (2006) found that the sorption of Cu by NOM exceeds mineral sorption from 6 to 13 times, and that there is a nonadditive contribution of NOM and minerals to the sorption capacity of soil. Bradl (2004) summarizes previous studies and concludes that there is a preferential adsorption of Cu onto NOM associated with the clay fraction. The same conclusion was reached by Quenea et al. (2009) , who, via particle size fractionations and chemical extractions, found that trace metals accumulate in the clay fraction, and that this accumulation is attributed to particulate NOM and its decay, which over time accumulates metals. None of the above-mentioned studies relied on soils with similar properties as mineralogy, texture, etc., despite that this confounding factor may contribute to the different findings.
So far, methods for studying Cu in soils include sorption experiments, sequential extractions, ion-selective electrodes, microprobe, scanning electron microscopy (SEM), and synchrotron-generated methods such as μ-X-ray fractionation (XRF). Most previous studies have used adsorption/ desorption mechanisms to study the bonding of Cu both in bulk soil (e.g., Bradl 2004; Khan et al. 2005) aging (Ma et al. 2006) and in different fractions of the soil, e.g., NOM (Quenea et al. 2009 ) or clays (Wu et al. 1999) . Other studies have utilized adsorption/desorption processes and mapping techniques (Jacobson et al. 2007; Sen Gupta and Bhattacharyya 2011) in order to describe the way Cu is distributed in the soil. Another common method for studying the bonding of metals in soils and sediments is using selective dissolution procedures. These are often sequential to analyze the amount of metals bound to different fractions of the soil, called sequential extraction procedures (SEP). One of the most widely used procedures is that of Tessier et al. (1979) , which partitions elements into five fractions: exchangeable, acido-soluble (carbonates), reducible (Fe and Mn oxides), oxidizable (NOM), and residual (see Gleyzes et al. 2002) . The basic assumption is that each dissolution technique targets a specific soil fraction, dissolves it, and thereby liberates metals bound in or to this soil fraction (Ulery and Drees 2008) . The most mobile metals are removed in the first fraction and so on, in the order of decreasing mobility. Typically, metals of anthropogenic input tend to reside in the first fractions, and metals found in the residual fraction are of natural occurrence in the parent rock (Zimmerman and Weindorf 2010) . A problem with SEPs is that they only work when the various components have distinct, unique solubility, which is rarely the case for soil components. Other problems can arise from nonunique ion selectivity, poor extraction efficiency, redistribution of metals, and poor compatibility of reagents (Gleyzes et al. 2002) . None of the above-mentioned fieldbased studies include samples with different Cu concentrations and, at the same time, original fully comparable soil properties.
Most previous techniques may have pitfalls, as they lack a direct relationship with the underlying molecular bonding or are subject to selectivity and potential for redistribution (Nyamangara 1998; Ulery and Drees 2008) . Direct in situ speciation and bonding of metals in soil studied by X-ray absorption spectroscopy (XAS) methods have the potential to give information down to the atomic scale of metal bondings in soils (Strawn and Baker 2009) . Most studies combine two or more methods, i.e., XAS has been combined with μ-XRF and microprobe mapping (Strawn and Baker 2008) or chemical extractions (Kumpiene et al. 2011 ). In addition, XAS studies have been used in relation to the different fractions such as clays (Wu et al. 1999 ) and NOM (Karlsson et al. 2006) . Recent XAS studies consistently show that NOM is the predominant bonding site for Cu in soil. For example, Strawn and Baker (2008) found that Cu in bulk soil is predominantly associated to SOM, Boudesocque et al. (2007) found indications that Cu is complexed to SOM coated with an inorganic surface, and Flogeac et al. (2004) found that Cu is coordinated to minerals coated with NOM. The studies that have assessed the direct bonding of Cu(II) mainly found Cu bound in bidentate inner-sphere complexes with O or N functional groups (carboxyl or amine ligands) Baker 2008, 2009 ). The latter study also suggest Cu-NOM complexes in the form of five membered ring chelates to dominate the way Cu occurs in the soil. By studying clean Cu-organic matter phases, it was found that Cu(II) complexed to either two-or five-membered ring chelates by coordination to 4 O/N atoms (at distances of 1.92-1.95 Å) in an equatorial Jahn-Teller distorted octahedron with 2-3.8 C atoms at a distance of 2.75-2.86 Å (Karlsson et al. 2006; Manceau and Matynia 2010) . Similar distances, including two axial O atoms at a distance of 2.43 Å, were found for Cu in bulk soils (Flogeac et al. 2004; Boudesocque et al. 2007; Strawn and Baker 2009) . Xia et al. (1997) found a tetrahedrally distorted octahedral binding environment for Cu with C atoms in the second shell, indicating that Cu forms inner-sphere complexes with humic substances. Manceau and Matynia (2010) have made an extensive study on the bonding of Cu(II) to natural organic matter and explain the affinity of Cu to NOM by the abundance and geometrical fit of the ring chelates to the size of the equatorial plane of Cu(II). In reduced environment, Fulda et al. (2013) found that Cu(I) bound to HA predominantly as twofold coordinated and to a lower extent three-to fourfold coordinated. However, as far as we know, no XAS studies have been done on Cu in nonpolluted soils so far, nor comparisons of the molecular bonding of Cu with varying contamination levels while other soil forming factor are kept constant.
A unique site with a homogeneous soil, but a Cu contamination gradient ranging from ambient background levels to highly contaminated soils has been described in Denmark, and soil from this site has been used in numerous ecotoxicological studies (e.g. Strandberg et al. 2006; Holmstrup and Hornum 2012) . The different levels of the Cu contamination have been shown to cause considerably variation in bioavailability of Cu along the contamination gradient having various degrees of adverse effects on soil biota and functioning (Scott-Fordsmand et al. 2000a, b) .
The hypothesis of the present study is that variations in molecular Cu bonding only can explain previously reported variations in soil ecotoxicity along a Cu contamination gradient when parent material and mineralogy are similar. The specific aim of the current study is to give a fundamental understanding of how and where Cu binds in soil depending on contamination levels, as a contribution to a more comprehensive understanding of the ecotoxicology of Cu in soils with different but aged contamination levels. This is studied on soil samples collected from a historically contaminated field with all soil forming factors, except soil organic C content kept constant.
Materials and methods

Soil samples
The studied soil samples were collected from a Cucontaminated field situated near Hygum, Denmark (55°46′ 26″ N; 9°25′50″ E). The field covers an area of 60×120 m. The Cu contamination in the field is anthropogenic and originates from timber preservation with blue vitriol (CuSO 4 ) during the years 1911-1924. After 1924, the field was cultivated until 1993, and Cu was evenly spread due to tillage of the field. Since 1993, the field has been left fallow. The Cu gradient has been mapped and described in detail in Scott-Fordsmand et al. (2000a) , and Strandberg et al. (2006) reported a Cu gradient ranging from background levels around 15 mg kg −1 to maximum levels of around 4000 mg The soil sample was then air-dried, impregnated with epoxy, and a polished thin section was prepared.
Soil properties
Particle-size distributions were analyzed by laser diffraction, organic C by dry combustion, and total N content by the Kjeldahl method; soil pH was measured in water (1:1). For efficient cation-exchange capacity (ECEC), the soil samples were extracted with 1 M NH 4 OAc and shaken for 2 h. The centrifuged solutions were then treated with NH 4 + in excess, and concentrations of Na, K, Ca, and Mg were analyzed by ICP-OES (method modified from van Reeuwijk 2002). Bulk soil concentrations of trace elements were analyzed on triplicate subsamples of powder samples by ICP-MS after a four-acid extraction (2:2:1:1 of H 2 O/HF/HClO 4 /HNO 3 ) at AcmeLabs. Major elements were analyzed on triplicate subsamples of powdered samples by X-ray fluorescence, also at AcmeLabs.
The mineralogy of bulk soil and clay mineralogy were determined by X-ray diffraction (XRD). For bulk mineralogy, the powdered sample was mounted in an alumina sample holder. Analyses were performed on a PANalytical X'Pert Pro PW3050/60 diffractometer system with a Cu anode at the interval of 2°-65°. For clay mineralogy, oriented samples were prepared on glass plates. The oriented clay samples were measured following three preparations: untreated, ethylene glucolated, and heated to 500°C. Analyses were performed on a PANalytical X'Pert Pro PW3050/60 diffractometer system with a Cu anode at the interval of 2°-65°for untreated and 2°-35°for glycol treated and heated preparations. Quantitative estimates of mineralogical composition were based on calculations of peak intensity of selected peaks for each identified mineral applying in-house standards.
Sequential extractions
A three-step sequential extraction procedure recommended by the Community Bureau of Reference (BCR) was carried out according to guidelines in Rauret et al. (1999) in order to assess the distribution of Cu between soil fractions. The BCR procedure is largely similar to the classical Tessier's procedure (Tessier et al. 1979) . However, in the BCR procedure, the first two of Tessier's steps are combined into an acidextractable fraction. The three extractions carried out were 0.11 M acetic acid (CH 3 COOH) to target carbonates (denoted Bacid-extractable^fraction 1), 0.5 M hydroxylammonium chloride to dissolve Mn and Fe oxides (denoted Breduciblef raction 2), and 8.8 M H 2 O 2 plus heat to digest OM followed by 1.0 M ammonium acetate (CH 3 COONH) to complex readsorbed Cu (denoted Boxidizable^fraction 3). The residual Cu, which was not extracted during the three previous steps, was denoted the Bresidual^fraction 4). In Rauret et al. (1999) , it is suggested to digest the residual fraction 4 in aqua regia, but in the present study, the residuals were analyzed by a fouracid digestion to follow the same procedure as for bulk soil chemistry aiming at a total determination of elements other than Cu. The Cu in the liquid extracts was measured by flame-AAS (Perkin Elmer Atomic Absorption Spectrometer 4100) for high concentrations and by ICP-MS (PerkinElmer Elan 6100DRC) for low concentrations.
X-ray absorption spectroscopy
XANES Cu K-edge was performed at Beamline X1 at the DORIS III synchrotron facility at DESY in Hamburg, Germany. The measurements were performed using a Si (111) crystal pair monochromator with a resolution ΔE/E of <10 −4 (<1 eV at Cu energy range) and a beam size of 10×1.5 mm. The beam was detuned to 60 % to minimize contributions from higher order harmonics, and the monochromator was stabilized to maintain a constant incoming photon flux. Powder soil samples were sealed in Kapton tape and measured in fluorescence mode using a Canberra 7 element solid state (Ge) detector to monitor the Cu Kα fluorescence line, and a Cr filter was used to lower the Fe background fluorescence signal. Additionally, all spectra were simultaneously measured with a Cu foil reference to allow for proper alignment and calibration of all spectra. The XANES reference materials were supra pure or analysis quality (Sigma-Aldrich, Germany) except for the Cu-illite, Cu-göethite, and Cu-humic acid references, which were prepared in the laboratory. Cu-illite was prepared according to Evangelou and Marsi (2002) by adding 200 mL 1×°10 −4 M CuSO 4 ×5H 2 O to 1 g of fithian illite, which had previously been cleaned by extracting carbonates with Na-acetate, organic matter with NaOCl, and Fe oxides according to Ulery and Drees (2008) . The clean illite sample was tested by oriented-clay XRD. The Cu-humic acid (pH adjusted to 6) and Cu-göethite were prepared according to Strawn and Baker (2008) . The processing of the XANES data was carried out in the Athena software (Ravel and Newville 2005) . Multiple obtained spectra for each sample were aligned according to the Cufoil reference (calibrated to 8979 eV) and merged. The low concentration spectra were smoothed for better recognition of main peaks. Common normalization for all samples was done by choosing a pre-edge range (−200 to −25 eV) and a normalization range (about 84-985 eV). The lower limit of the normalization range was chosen as the energy where all spectra cross. The normalized and flattened XANES spectra were analyzed by linear combination fitting (LCF) relative to the analyzed references.
Sulfur is not included in our analytical data due to instrumental limitations, although it is well known that pollutions by blue vitriol (CuSO 4 ) can have a high S contents. Focusing on Cu vs. likely organic references and non-S mineral surface bindings only was based on a thorough literature review before the synchrotron study was carried out, but in theory, S could be a confounding factor if substantial Cu-S-NOM bondings were present in our specific soil although limited Cu(II)-S bonding was observed by Fulda et al. (2013) .
EDS mapping
The prepared thin section was coated with carbon prior to energy dispersive spectrometer (EDS) mapping. The EDS mapping was performed on a microprobe (JEOL JXA-8600 Superprobe), which was equipped with an EDS. Multiple elements were measured simultaneously at a spatial resolution of 2×2 μm. We performed mapping on one thin section from the most contaminated soil (Hy3920).
Statistics
A principal component analysis (PCA) was used to analyze variations in the major soil properties between the five soil samples on mean centered and scaled data, i.e., weighted by the factor 1/SD before analysis. The PCA model was validated by the random validation procedure. No outliers were detected. The multivariate data analysis was performed using the Latentix 2.00 software package from Latent5.
Results
Soil properties
The five studied soil samples contain contamination induced Cu concentrations of 25, 525, 1160, 2880, and 3920 mg kg (Table 1) .They all originated from a homogeneous parent material, a glacial till with a Luvisol containing 50-60 % sand, 33-40 % silt, and 7-10 % clay (sandy loam). ECEC varies between 6.89 and 9.87 cmol c /kg. Soil pH (H 2 O) varies between 5.93 and 6.04. The soil organic C varies from 25 mg kg −1 in soil samples with lowest Cu to 39 mg kg −1 in samples with highest Cu concentrations. Organic N varies from 2.5 to 3.1 mg kg −1 and total P from 97 to 132 mg kg −1 (Table 1 ). The concentrations of C, N, and P increase with increasing Cu concentration. A PCA plot of the geochemical properties of the five soil samples (Fig. 1) shows that, in addition to C, N, and P as mentioned above, Cu co-varies with As, Pb, and, to some degree, Co. In addition, it is seen that these elements show a closer relation to the strongest contaminated samples (Hy3920 and Hy2880) than the uncontaminated sample (Hy-25), especially at PC1, but partly also at PC2.
The distribution of bulk soil Cu content between particle size fractions does not vary much between soil samples with varying bulk soil Cu content ( Fig. 2 ; Electronic Supplementary Material, Table SI1 ). The sand fraction accounts for 4-11 % of the bulk soil Cu content, the silt fraction for 18-27 % and the clay fraction for 62-75 %. The major part of the Cu is thus consistently found in the clay-sized fractions with no clear trend between the four contaminated samples. The Cu content of density fractions was analyzed (Electronic Supplementary Material, Table SI1 ) for two samples, Hy3920 and Hy1160. Hy3920 showed 78 % of bulk soil Cu in the light fraction (d<1.8 g cm −3
) and 22 % in the heavy fraction (d>1.8 g cm ), and Hy1160 showed similar proportions in both the light fraction (81 % of bulk soil Cu) and the heavy fraction (19 %).
The XRD semi-quantitative analyses for the five soil samples give comparable results with no clear mineralogical trend between contamination levels. Mineralogy of the sand and silt is dominated by quartz with 68± 7 % quartz, 17±3 % feldspar and 5 %±2 dark minerals and traces of carbonates only. The clay fraction, making up approximately 9 % of bulk soil (Table 1) , comprises smectite (46±15 %), illite (32±11 %), kaolinite (15±2 %), and chlorite (7±17 %).
Distribution of Cu between sequential extractions
The sequential extractions accounted for 88-96 % of the bulk soil Cu measured in bulk soil samples (Table SI2 , Electronic Supplementary Material). Hence, only minor bias from poor extraction efficiency is expected. All fractions show an increased Cu yield with increasing bulk soil Cu concentration (Fig. 3) . The acid-extractable and the reducible fractions are well explained by a simple linear regression, with linear correlations of 0.326 (R 2 =0.97; N=5) for the acid-extractable fraction 1, and 0.407 (R 2 =0.99, N=5) for the reducible fraction 2. Both the oxidizable fraction 3 and the residual fraction 4 level out at the highest contaminations and are thus not properly described by linear regressions.
Concentrations of Cu (mg kg −1 ) from all four chemical fractions, thus, increase with increasing bulk soil Cu concentrations, but only fractions 1 and 2 have linear increases, suggesting that a maximum loading capacity has not been reached here (Fig. 3) . At the same time, the relative distributions of Cu in the four measured fractions show variations along the Cu contamination gradient (Fig. 4) . In the uncontaminated soil sample (Hy25), the largest single Cu fraction is the residual fraction 2 (accounts for 35 %), while the acid-extractable fraction 1 is almost neglectable. As the bulk soil Cu concentration increases, the Cu found in the residual fraction 4 decreases to 4 % for the most contaminated sample (Hy3920). The fraction that increases the most is the acid-extractable fraction 1, increasing from 2 to 37 % of bulk soil Cu. The reducible fraction 2 decreases with increasing bulk soil Cu from 25 to 14 %. The reducible fraction 2 of bulk soil Cu has its maximum for the Hy1160 sample (47 %), and for the two most contaminated samples (Hy2880 and Hy3920), it accounts for 44 % of the bulk soil Cu. Fractions 1 and 2 thus show marked relative (%) increases with increasing bulk soil Cu concentration, while percentages of fraction 3, but especially fraction 4, decrease considerably (Fig. 4) .
X-ray absorption spectroscopy
XANES spectra of four soil samples and references are presented in Fig. 5a and first derivatives of the same samples and references in Fig. 5b . Although the specter of the non-contaminated sample (Hy25) is similar to the spectra of the contaminated samples (Hy525, Hy1160, and Hy3920), it does possess a broader edge-jump resulting in three peaks in the derivative spectra, instead of the two peaks seen for the contaminated samples (Fig. 5b) . This lower energy peak indicates that, although mainly containing the Cu(II) configured Cu, it also contains some lower oxidation state contribution. Linear combination fits of the XANES spectra are inconsistent between the soil samples, most likely due to the differences in peak heights in the soil signal caused by self-absorption (very thick samples with very little Cu). However, fitting of the contaminated and noncontaminated samples with combinations of the reference samples in the energy range of 8959-9919 eV revealed that the contaminated samples are all best described by Cu-humic acid alone, while the best fit for the non-contaminated sample Hy25 includes also Cu(II) and Cu(0) (see Table 2 ). 
Elemental mapping of Cu with EDS
The EDS mapping shows that Cu in the contaminated sample (Hy3920) is generally concentrated in a few spots, which were identified by their morphology as partly decomposed plant or wood fragments, partly as a part of the soil matrix (Fig. 5) . Due to the spatial resolution of 2×2 μm of our EDS, Cu associated with or within particles smaller than this size cannot be excluded and is here considered as Cu in the matrix. Figure 6 shows a typical map of Cu in the Hygum soil with respect to selected elements (Si, Fe, and Ca). Here, Fe and Si show no co-localization with Cu in this case, while Ca is colocalized with Cu. The transmitted light micrograph also included in Fig. 6 shows that Cu and Ca are found in the same areas as the organic particle. A much less common occurrence of Cu in the contaminated soil sample is shown in Fig. 7 . Here, the Cu map shows two Bhot spots,^which are marked by arrows and BA^and BB.^Spot A shows Cu co-localized with Mn, Fe, and P, but not with Si, Mg, or Al, while in spot B, Cu is co-localized with Mg, Fe, Al, and Si, but not with Mn or P.
Discussion
Relation of Cu to soil properties, plant material, and other metals
The soil properties such as pH, ECEC, mineralogy, and total element contents generally show little variation along the Cu contamination gradient. These results are in line with previous studies of the Hygum field (Strandberg et al. 2006) and to be expected since the sampled field covers a confined area (60×120 m). Exceptions are the content of Cu and the elements C, N, As, and Pb, which vary closely, and to some degree Co and P, which also vary with Cu (Fig. 1) .
Variations in C and P following the Cu pattern were also reported in (Strandberg et al. 2006) . The elements C, N, and P are most likely related to discrete NOM particles. Increase in soil C contents following increased Cu concentrations has previously been described in Khan et al. (2005) and Quenea et al. (2009) , in which the trend was been explained by Cu- This suggests that the current elevated C, N, and P concentrations in the part of the field with highest Cu concentrations can be explained by the Cu contamination in the 1920s. The measured Cu also shows geochemical association with As, Pb, and Co (Fig. 1) . As there are no significant textural or mineralogical differences between the soil samples, this association may either be explained by enrichment of As, Pb, and Co along with Cu due to (1) impurities of As, Pb, and Co in the Cu phase used for impregnating timber logs, which caused the Cu pollution in the first place, or (2) similar chemical affinities of As, Pb, Co, and Cu as, e.g., a mutual affinity for organic matter. Ad. (1) As, Co, and Pb are known to be found in relation to Cu ore deposits or as impurities in Cu ores (Tongamp et al. 2009 ). This means that the association of these elements with Cu in the Hygum soil can most likely be explained by simultaneous unintended addition of these four elements to the field as part of the timber impregnation. In respect to (2), both Pb, As, and Co have strong affinities for NOM (Young 2010) . In addition to its relation to NOM, Pb has been reported to show strong relations to carbonates and hydrous metal oxides, As to Fe phases, and Co to silicates and Mn oxides (Matera et al. 2003) . Variations in the organic C content covary with the Cu variations in the Hygum soil, and as no trends in Fe and Mn oxides, carbonate or silicate contents have been measured (XRD), it is likely that, also in this case, the NOM content is of paramount importance. However, if only due to soil's NOM content, a number of other heavy metals should also be present in elevated concentration along with Cu, As, Pb, and Co. Thus, it is likely that the Cu, Pb, As, and Co association is caused by a combination of simultaneous addition to the field and their common affinity for NOM when adsorbed/precipitated first.
The density fractionation results support the interpretation of Cu-NOM as a consistent bonding mechanism as approximately 80 % of the Cu in both Hy1160 and Hy3920 was found in the light fraction, generally believed to consist of organo-mineral complexes (Christensen 1992) . The distribution of Cu in the particle size fractions reveals that sand-sized particles held only 4-11 % of bulk soil Cu despite the 2-0.063 mm particles accounted for 50-60 % of the bulk soil ( Fig. 2; Table 1 ). Pieces of impregnated wood were most likely discharged on the ground during manufacturing, but as the poles used were fresh, any leftover was most likely larger pieces, i.e., millimeter sizes or above. The nature of the Cu pollution at Hygum, i.e., wood impregnation in the 1920s, can thus only be partly responsible for any observed strong Cu-NOM correlation, and as the clay-sized fraction (7-10 % of total soil) holds a major part (62-75 %) of the bulk soil Cu, molecular interaction with NOM or mineral components is most likely quantitatively more important today.
The element mapping of thin sections showed Cu mainly to be related to particulate NOM or embedded in the matrix. This result is in accordance with previous studies by, e.g., Jacobson et al. (2007) . The presence of Ca along with Cu in the organic matter can be explained by simple Ca uptake in the plant during its growth and suggests that the observed particulate Cu-NOM complexes originate from plant materials enriched in nutrients, and hence wood (xylem) is a less likely source. In addition to the Cu-OM hotspot, Cu was very rarely found to be co-localized with Fe, Mn, and P (spot A, Fig. 7 ) or with Fe, Mg, Al, and Si (spot B, Fig. 7 ). High concentrations of Fe, Mn, and P co-localized with Cu could indicate Cu related to Fe-Mn oxyhydroxide precipitates, which is also a common Cu phase in soils (Oorts 2010) . Strawn and Baker (2008) ascribed a relation of Cu, Fe, and Mn to sorption of all three elements onto NOM, but in our case, all four elements and especially Mn show highest concentrations at the center of the Bnodule,^which suggest that spot A formed as a redox precipitate during contemporary pedogenesis where Cu(I)-NOM interactions are also important (Fulda et al. 2013) . The EDS mapping also showed Cu co-localized with Fe, Mg, Al, and Si. This element assemblage could represent a silicate mineral enriched with Cu. As spot A and spot B are very rare in the studied thin section, they are not likely to explain the high concentration of Cu in this sample (Hy3920). On the other hand, these two Cu spots may show original/natural Cu phases, which may be present in all five soil samples regardless of the bulk soil Cu concentrations.
Fractionation of Cu
The results from the sequential extractions showed substantial differences in the distribution of Cu along the Cu contamination gradient. The sequential extractions also show that the fractions 1 and 2 do not reach a saturation point as they show a continued increase along the Cu contamination gradient. The most striking results are found in the relative distribution, which shows a marked decrease in the residual fraction and increase in acid-extractable fraction as the bulk soil Cu concentration increases. The reducible fraction is the largest fraction in all contaminated samples. These relative results are very similar to results for a sewage sludge amended soil reported in Rauret et al. (2000) . The residual fraction is generally thought to include all Cu bound in hardly degradable minerals, such as silicates (Gleyzes et al. 2002) . Zimmerman and Weindorf (2010) suggest that, typically, metals of anthropogenic inputs tend to reside in the first fractions while metals found in the residual fraction are of natural occurrence in the parent rock. This fits with our data showing that the residual fraction increases very little along the Cu contamination gradient. However, the uncontaminated sample also contains some Cu in the other fractions, and it would not be reasonable to consider the residual fraction a base level.
The acid-extractable fraction, which is the fraction showing the largest relative increase, is typically interpreted as a water soluble and carbonate bound fraction (Rauret et al. 1999 ). According to Gleyzes et al. (2002) , this fraction also covers specifically sorbed Cu on surfaces of clays, NOM, Fe-Mn oxyhydroxides and to some degree silicates. As we found no correlation between Cu and Ca (Fig. 1) , we do not expect this fraction to be explained by variations in carbonate content in the slightly acidic soil (Table 1) . Instead, the increase in this fraction along the Cu contamination gradient can be interpreted as an increase in water-soluble Cu and specifically sorbed Cu. Copper specifically sorbed to NOM is likely as we also see the correlation between Cu and total organic C content (Fig. 1) . The reducible fraction, which is very important at all contamination levels accounting for up to 44 % of the bulk soil Cu (Fig. 4 and Table SI2 ), is traditionally attributed to Cu bound in Fe-and Mn-oxides. However, as in this step, pH was reduced to approximately 2, which is less than the pH of acetic acid used to target the acid-extractable fraction; we expect that some adsorbed Cu was also released in this extraction step. Beside, that the relative proportion of BCu-oxide bonding^drops from 25 % to around 14 % with increasing contamination levels should be related to molecular Cu bonding taking the very low and constant oxide content of our soil (Table 1) into account seems questionable. The oxidation step, which traditionally is expected to release Cu bound in and to NOM, might be influenced by problems with re-adsorption and non-complete oxidation (Gleyzes et al. 2002) . The fact that this fraction shows a relative decrease with increased bulk soil Cu concentration may be explained by a decreased readsorption/noncomplete oxidation of minerals and namely releasing of Cu bound to specific functional sites on the NOM. The increase in the oxidation fraction also seems to level out at higher Cu concentrations (Fig. 3) . This may indicate that there is an upper limit to this fraction, i.e., that the molecular bonding sites in/on NOM for this fraction is constrained by a physical and/or chemical process. Gleyzes et al. (2002) state that one of the most common concerns regarding sequential extraction procedures is their lacking specificity and possibilities of readsorption and redistribution during the laboratory procedure. This might also be a problem here, as we interpret both fractions 1, 2, and 3 to be related to interactions to NOM. However, the differences in Cu extractability (as percentages) between the different pollutions levels of soils have nevertheless traditionally been interpreted as being caused mainly by molecular differences in the Cu bonding environment to mineral surfaces and in minerals, e.g., Tessier et al. (1979) .
Ecotoxicology
In an eco-toxicological context, the identification of the main available fraction(s) and fractions causing bioaccumulation and toxicity are very important. Within the voluntary EU risk assessment, it was identified that toxicity across soils correlated to the soil CEC (Smolders et al. 2009 ). In the present study where soil mineralogy is constant, the CEC did not correlate with any of the extractable fractions. It was instead consistently indicated that Cu contamination was mainly associated with NOM, whereas Cu in the studied non-contaminated adjacent soil (Hy25) was mainly present in mineral fraction and in much lower concentrations. We observed that Cu was generally present as Cu(II), e.g., Fig. 5 , and thus, differences in ecotoxicity should be related to this oxidation state only, although other oxidation states may be present in anoxic soils or microscopic compartments of soil aggregates where speciation can be subject to strong microscale and temporal variations. It is particularly interesting that the XANES (se next chapter) consistently show that the CuSO 4 contamination is present as Cu bound to the NOM only, i.e., our Cuhumus reference. Previous eco-toxicological studies from the site revealed different toxicities for different bulk soil Cu concentrations (Scott-Fordsmand et al. 2000a, b) ; furthermore, our oxidizable SEP fraction, which is generally thought to be the fraction associated with NOM (Gleyzes et al. 2002) , accounted for only 15-33 % and that this relative contribution (%) decreased with increasing bulk soil Cu concentration (Fig. 3) . In our thin sections, we observed a number of microscopic plant remains highly enriched in Cu (Fig. 5) . Such particulate NOM is certainly prone to oxidation during this SEP step, and thus, all Cu bound to and in particulate NOM are expected be released. However, if there were more particulate NOM in the least contaminated soils, we would expect the highest SOC content, when in fact, we observed the opposite trend (Table 1 ). Additionally, we would then expect a clearer gradient in light-fraction Cu (Table Electronic Supplementary materials, SI1), but the most contaminated (Hy3920) and the medium contaminated (Hy1160) soil samples had similar levels, respectively 78 and 81 % of bulk soil Cu in the light fraction (d<1.8 g cm
−3
). Manceau and Matynia (2010) found that Cu-NOM bonding is dependent on Cu concentrations, and is dominated by Cu(malate)-like ring chelate at lower Cu concentration and Cu(malonate)-like ring chelate at higher concentration. When these findings are compared to our site with similar soil properties, but different eco-toxicology and total SOC content, it seems likely that the major differences in SEP Cu extractabilities between contamination levels are not related to differences in Cu to mineral binding per se, but rather caused by a combined effect of microscopic-, nanoscopic-, and molecularlevel differences in NOM quality and Cu-NOM-mineral binding sites. However, no such atomic-scale relationships has been revealed by our study. Nevertheless, simple watersoluble tests are still a highly useful tool when ecotoxicology of metals is risk assessments, as e.g., Scott-Fordsmand et al. (2000a, b) and Holmstrup and Hornum (2012) have shown previously from our site. Interpretation of more advanced wet chemical SEP results in respect to understanding chemical state and electronic properties responsible for binding the Cu, and hence, the extractabilities of the different fractions are more questionable.
XANES speciation of Cu and its relation to bulk soil Cu concentration
The chemical state responsible for binding the Cu is assessed by our XANES results based on bulk soil chemistry. From the position of the edge jump (white line), it can be seen that the contaminated samples (Hy-525, Hy-1660, and Hy-3920) contain only Cu in the 2+ oxidation state, in a local environment very similar to that of the Cu-humic acid standard. The edge jump in the Cu K-edge XANES is due to the Cu 1s to 4p electronic dipole transitions, while the very small pre-edge peak present in some of the samples at ∼8976 eV is due to the forbidden Cu 1s→4d quadrapole transition (Strawn and Baker 2008) . According to Furnare et al. (2005) , the splitting of the edge jump into two peaks results from anisotropic symmetry of Cu(II) compounds that exhibit a Jahn-Teller distortion.
Copper in the three measured contaminated samples was present as Cu(II), most likely bound in the same way as Cu bound to humic acids (Fig. 5 ). This result is in agreement with a number of previous studies (Karlsson et al. 2006; Boudesocque et al. 2007; Strawn and Baker 2009; Manceau and Matynia 2010) , even though no previous studies have dealt with a simple contamination gradient within a field with otherwise comparable properties. The association of Cu with NOM in soils has been explained in different ways, e.g., as Cu being bound in Cu-NOM complexes (Strawn and Baker 2006) , or as Cu being coordinated to minerals coated with NOM (Flogeac et al. 2004) . Our microprobe mapping indicated that Cu was incorporated in NOM particles, which have probably been preserved due to decreased decomposition rates and/or actual ecotoxicity. However, we are not able to resolve the finer structures than a 2×2 μm scale with the applied methods. On the other hand, the non-contaminated sample (Hy25) showed an additional first derivative peak (Fig. 5) , indicating that also Cu of lower oxidation states (Cu(0) or Cu(I)) is present here. The presence of Cu(0)/Cu(I) states has previously been reported by Strawn and Baker (2009) but was here attributed to radiation induced reduction, while Fulda et al. (2013) used a cryostat technique and suggested that a small part of the Cu(I)-NOM present in reduced soil may be stabilized after re-oxidation. However, in our case, we observed no signs of radiation damage or change over 15 consecutive scans (all scans are not shown), most likely due to the low flux and large beam size of the X1 beam line. Lower oxidation state Cu could be attributed to metallic Cu or minerals containing Cu. According to microprobe mapping results, Cu present in the contaminated soil was mainly associated with microscopic NOM particles, but also with Fe-Mn oxyhydrooxides and possibly silicate minerals in the matrix (<2×2 μm resolution), and the sequential fractionation showed a relatively larger portion of residual Cu in the uncontaminated Hy25 samples compared to the contaminated soil samples. From XANES results, this residual noncontamination Cu is likely to have valence 0 or +1. Copper with valence +1 has been described in minerals such as chalcopyrite by Li et al. (2013) , which may also be present in the natural Hy25sample, but at very low concentrations as inclusions within mineral fragments in this strongly oxidized Ahorizon.
Copper bonding in natural organic matter
The biogeochemistry of Cu in soils is largely controlled by its bonding to NOM for reasons not entirely understood, but only three key model ligands, all single metal ring chelates, malate, malonate, and thiolactate, adequately described the variable Cu-OM bonding studied by Manceau and Matynia (2010) with XANES and extended X-ray absorption fine-structure spectroscopy (EXAFS), indicating similarities in nearest neighbor bonding of Cu atoms. However, the nature of NOM per se is determined by very variable molecular properties such as molecule size, polarity, ether-bridges, and atomic-scale binding environmental (Lützow et al. 2006) . The current hypotheses of mechanisms for C bonding to the soil surfaces at a micro-, nano-, and atomistic level are (i) selective preservation of recalcitrant C molecules, (ii) spatial inaccessibility of C moieties to microbes and enzymes due to localized Bmicro-and nanobiotic exclusion^zones, and (iii) intermolecular interactions between C, nanocomposites of oxyhydroxide minerals and metal ions. A major limiting factor to all past investigations of Cu bonding to surfaces of NOM and minerals is the fact that chemical processes operate well below the resolution that researchers have been able to study. Most existing evidence is accordingly either single-or bi-element based, and obtained indirectly from experiments based on degradative wet-chemical techniques, (see, e.g., Gleyzes et al. 2002) , but they offer no information about the nano-scale distribution of Cu in situ. Whether nano-scale Cu bonding in soil is in a continuous sub-micrometer layer of contained coatings on minerals, is occluded within discrete nano-scale NOM particles, or is in particulates accumulated in distinct submicrosites Cu-NOM sites on the mineral surfaces, all of them likely depending on pollution level, thus remain an open question. Our results are limited by the spatial resolution, which in our case is approximately of 2000-nm scale. However, this is still considerably larger than the 2-20-nm size of nanoparticles that comprise the systems of interest (Solomon et al. 2012) . Our data are, therefore, limited by the fact that the spatial resolution is at the micrometer level, and not at the molecular level where chemical processes are actually active.
Despite this, we have investigated a large gradient in naturally aged Cu contamination (Table 1 ) and observe significant differences Cu SEP extractability ( Fig. 3 and Table SI2 , Electronic Supplementary Material) while our XANES data consistently shows that Cu(II)-NOM dominates. As our soils have no major differences in soil mineralogy or texture, but only in NOM content and maybe quality, traditional interpretations of several of the sequential fractions (Step 1, 2 and 3) as being related to soil mineral surface binding only (see, e.g., Tessier et al. (1979) seems questionable. Based on this, we suggest that understanding of exact molecular level Cu bonding to NOM and/or soil mineral surfaces cannot be established from sequential extractions, even when combined with the sub-microscopic level data we present here. Novel true nanoscopic investigation methods need to be employed to answer these questions, and combined with molecular techniques to qualify the NOM composition next to the Cu species. However, to our knowledge, no study has hitherto reported such ground-breaking complementary experimental high resolution in situ spectromicroscopic approaches down to 2-20 nm to identify and imaged Cu′ true molecular environment. Findings by Lehmann et al. (2008) show that NOM in soils is very heterogeneous also at a scale of few tens of nanometer. In respect to Cu bonding, which we and previous authors show to be overwhelmingly dominated by NOM (see Manceau and Matynia 2010) at a micrometer scale of investigation, it has the implication that XANES of bulk soil most likely cannot elucidate the exact sub-micrometer molecular bonding of Cu in the complex soil matrix but maybe in the Cu hot spots as we here show to be mainly of organic origin (Figs. 6 and 7 ). In accordance with the observations by Solomon et al. (2012) for C bonding, that no single bonding mechanism can be accountable for the C stored in the sub-micrometer environment, our results seem to support the view that the Cu bonding in soil is the cumulative result of heterogeneous Cu-O-C bonding primarily to discrete NOM particles from the macroscopic to nanoscopic level.
Conclusions
The speciation of Cu was studied in four field-contaminated and one non-contaminated soil sample from a gradient in Cu pollution caused by CuSO 4 spills more than 90 years ago.
Results from all employed techniques show strong relations between Cu(II) and NOM content and bonding. The noncontaminated soil samples with 25 mg Cu kg −1 show a larger faction of residual Cu, indicating that larger parts of the naturally occurring Cu is found in mineral phases and is not easily bioavailable. On the other hand, the contaminated soils show an increasing amount of easily extractable Cu during the sequential extraction explaining the, previously reported, larger bioavailability of Cu in these samples. In the noncontaminated sample, the presence of lower oxidation state species of Cu was detected by XAS analyses, while XAS did not show significant differences in the molecular bonding environment of Cu in the samples from the contaminated soils, despite the large range in contamination level and sequential Cu extractabilities. The differences we observed for Cu sequential extractability would traditionally be interpreted as caused by major differences in Cu-mineral bondings to mineral surfaces and in oxides. On the other hand, the molecular environment of Cu in the contaminated samples was consistently best described by Cu(II) bound to humic acid. Element mapping revealed major hot spots of Cu in relation to weakly decomposed organic particles only, and as dispersed Cu in the soil matrix (pixel-size <2×2 μm). The similarity in all soil properties except total soil C concentration coupled with these findings suggest that, independently of our contamination levels of up to nearly 4000 mg kg −1
, bonding of Cu in soil is a cumulative result of heterogeneous bonding to discrete, particulate NOM, and to submicrometer organo-mineral complexes when the pollution has occurred as in our case, as CuSO 4 spills. The previously observed differences in soil ecotoxicology between our contamination levels are thus more likely caused by differences in the Cu-NOM binding environment than differences in Cu binding to mineral surfaces.
